[1] We develop a mechanistic global model of soil mercury storage and emissions that ties the lifetime of mercury in soils to the lifetime of the organic carbon pools it is associated with. We explore the implications of considering terrestrial mercury cycling in the framework of soil carbon cycling and suggest possible avenues of future research to test our assumptions and constrain this type of model. In our simulation, input of mercury to soil is by atmospheric deposition, in part through leaf uptake and subsequent litter fall, and is moderated by surface photoreduction and revolatilization. Once bound to organic carbon, mercury is transferred along a succession of short-lived to long-lived carbon pools and is ultimately reemitted by respiration of these pools. We examine the legacy of anthropogenic influence on global mercury storage and emissions and estimate that storage of mercury in organic soils has increased by ∼20% since preindustrial times, while soil emissions have increased by a factor of 3 (2900 Mg yr −1 versus 1000 Mg yr
Introduction
[2] Exposure of humans and wildlife to methylmercury at high levels causes a variety of negative health effects [Mergler et al., 2007] . Several studies attribute substantial increases in mercury levels in wildlife since industrialization to nonlocal anthropogenic mercury emissions [Fitzgerald and Clarkson, 1991; Lindqvist et al., 1991; Monteiro and Furness, 2005; Dietz et al., 2006] . Mason and Sheu [2002] estimate that global emissions of natural and previously deposited anthropogenic mercury from terrestrial ecosystems account for >1600 Mg yr −1 and are comparable in magnitude to annual anthropogenic emissions (2200 Mg yr −1 ). Sediment archives suggest that anthropogenic mercury sources have increased deposition to terrestrial systems by at least a factor of 3 [Lorey and Driscoll, 1999; Swain et al., 1992] , while global models suggest that the surface soil reservoir may have increased by 10%-15% since industrialization [Mason et al., 1994; Mason and Sheu, 2002; . Although the atmosphere has been most enriched by anthropogenic mercury emissions, the largest reservoirs of mercury are contained in terrestrial soils, sediments, and subsurface ocean waters [Mason and Sheu, 2002; Sunderland and Mason, 2007] . The goal of this paper is to explore the implications of considering terrestrial mercury cycling in the framework of soil carbon cycling, to estimate the possible magnitude of anthropogenic mercury emissions on soil storage and fluxes, and to suggest avenues for future research to test the parameters that control mercury storage in this framework. We do this by developing a global scale mechanistic representation of mercury cycling in soils and exchange with the atmosphere linking mercury dynamics to the dynamics of soil organic carbon pools.
[3] Anthropogenic emissions of mercury are primarily in the form of elemental mercury (Hg 0 ), divalent mercury (Hg (II)), and particulate mercury (Hg(p)). Hg 0 is relatively volatile and insoluble in water, whereas Hg(II) is less volatile and extremely soluble. This imparts mercury with an atmospheric cycle largely controlled by its redox chemistry. Hg 0 in the atmosphere can be oxidized to Hg(II), which is then rapidly deposited to the land or ocean surface. Hg(II) can then be reduced to Hg 0 and reemitted to the atmosphere. Estimates of the lifetime of Hg 0 in the atmosphere range from 0.7 to 1.7 years [Mason et al., 1994; Bergan et al., 1999; Shia et al., 1999; Lamborg et al., 2002; Mason and Sheu, 2002; Seigneur et al., 2004; Selin et al., 2007] , leading to transport on a global scale. This cycle of deposition and reemission pumps mercury through the land-ocean-atmosphere system until it reaches a long-lived reservoir.
[4] In this study, we distinguish between four types of mercury emissions from soils. Primary natural emissions are derived directly from the lithosphere on long time scales by weathering of the mineral fraction of soils and intermittently by large emissions from volcanic eruptions. Secondary natural emissions are derived from primary natural mercury that has been deposited to the land surface and reemitted. Primary anthropogenic emissions are derived from the lithosphere and are emitted during industrial processes such as coal combustion, metal smelting, and waste incineration. Secondary anthropogenic emissions are derived from primary anthropogenic mercury that has been deposited to the land surface and reemitted. Secondary emissions are not well quantified and yet are critical for understanding the natural mercury cycle and the legacy of anthropogenic emissions.
[5] We divide soil mercury into three classes depending on its association in the soil matrix: mineral mercury (contained in the soil mineral fraction), mercury loosely adsorbed to the surface of soil particles, and mercury bound to organic carbon complexes (O-Hg). Mineral mercury is derived directly from soil parent material (rock), and although the mercury content is relatively low (∼10 ng g −1 ), the high density and large volume of mineral soils globally make this the largest pool of mercury in the environment. The distribution of mineral mercury is highly spatially variable and is related to rock type [Schroeder et al., 2005] . The release of mercury from the mineral pool to the atmosphere is controlled by weathering on long time scales and, intermittently, by large emissions from volcanic activity.
[6] The second pool, loosely adsorbed/surface mercury, is derived from atmospheric deposition of Hg(II) and Hg 0 to soil and leaf surfaces. Hg(II) can bind to negatively charged soil particles, but this bond is relatively weak and processes such as cation and water addition can displace Hg(II) from soils and lead to evasion [Farella et al., 2006] . This pool is relatively short lived and is one source of secondary soil emissions. Hg 0 is not stored in background soils on long time scales and is revolatilized to the atmosphere.
[7] The third soil pool, organically bound mercury (O-Hg), is derived from atmospheric deposition to soils and leaves. It originates from the incorporation mercury into leaf tissue, followed by litterfall and wet deposition and throughfall of Hg(II). Hg(II) binds to reduced sulfur groups in soil organic matter with very high affinity [Skyllberg et al., 2000; Haitzer et al., 2003; Khwaja et al., 2006] and is protected against reduction until the organic matter is respired [Wickland et al., 2006; Fritsche et al., 2008] or consumed by fire Turetsky et al., 2006; Wiedinmyer and Friedli, 2007] . We argue that organically bound mercury is of central importance for understanding soil-atmosphere mercury dynamics, because it is the pool that stores terrestrial mercury deposition on a time scale of months to years. The controls on the lifetime and turnover of this pool therefore control the mass of mercury in surface soils that interacts with the atmosphere.
[8] Since the vast majority of atmospherically derived mercury in soils is associated with organic carbon, we argue that organic carbon cycling processes that operate on time scales of months to decades control the lifetime and fate of atmospherically derived soil mercury [Grigal, 2003; Wickland et al., 2006; Obrist, 2007] . The deposition of mercury to the land surface and subsequent incorporation into the O-Hg pool are not a permanent mercury sink, rather, mercury will be released as soil organic matter proceeds through the stages of decomposition or when soils are burned. The concentration of mercury in soils is therefore a function of the deposition rate and carbon turnover time.
[9] Here we quantify the storage and reemission of atmospherically derived mercury in soils by developing a new global model of mercury cycling in terrestrial systems. Our soil mercury model is based on the CASA biogeochemical model, a well-established framework for simulating ecosystem carbon dynamics [Potter et al., 1993; van der Werf et al., 2003 van der Werf et al., , 2006 . The main objective of this research is to better characterize impacts of anthropogenic mercury and climate processes on soil mercury storage and emissions. To do this, we supply our model with mercury deposition fluxes from the GEOS-Chem global chemical transport model . We constrain the model using observed soil mercury measurements and evaluate the impact of anthropogenic mercury emissions on the storage and emissions of mercury from soils. We then evaluate the differences in lifetime between newly deposited mercury and background mercury in soils.
Global Terrestrial Mercury Model (GTMM)
[10] The global terrestrial mercury model (GTMM) is a global 1°× 1°biogeochemical model of mercury accumulation and emissions that we apply to the continuous evolution of soil mercury from preindustrial to present day with a monthly time step. Figure 1 presents an overview of the model. Mercury is deposited to the land surface as either wet deposition of Hg(II) or dry deposition of Hg(II) and Hg 0 . Monthly deposition of Hg(II) and Hg 0 are taken from the mercury simulation in the GEOS-Chem chemical transport model . GEOS-Chem also includes a small deposition flux of Hg(p) emitted by combustion; this Hg(p) is not considered available for terrestrial cycling. In the model, dry deposition of Hg 0 and Hg(II) can be fixed into the interior of leaves or remain on leaf and soil surfaces. Hg(II) on leaf and soil surfaces is subject to photoreduction, and Hg 0 is subject to revolatilization. Wet deposition of Hg(II) and Hg(II) washed off of leaf and soil surfaces enters soils and can bind to reduced sulfur groups in organic material. At this point, the cycling of mercury in organic soils is controlled by the cycling of carbon and is modeled within the carbon cycling framework of the CASA biogeochemical model [Potter et al., 1993; van der Werf et al., 2003 van der Werf et al., , 2006 .
[11] We use the GEOS-Chem mercury simulation as described by to supply monthly, spatially resolved, and speciated dry and wet mercury deposition fluxes to the GTMM. The simulation includes 3-D atmospheric transport coupled to 2-D surface ocean and land reservoirs. The atmospheric component uses assimilated meteorological data from the NASA Goddard Earth Observing System (GEOS-4) to drive transport and chemistry at 4°× 5°horizontal resolution [Bey et al., 2001] . The surface ocean reservoir cycles with the atmosphere on a 1 year time scale and with a deep ocean of prescribed concentrations . The land reservoir in the original model cycles with the atmosphere by prompt reemission of mercury deposited to vegetation but does not actually store mercury in soil. The model contains a constant primary natural source of 500 Mg Hg yr −1 attributed to rock weathering and volcanoes [Lindqvist et al., 1991] , which is highly uncertain, particularly given that volcanic emissions are extremely large and infrequent. The GEOS-Chem Hg 0 and Hg(II) dry deposition fluxes are from a canopy resistance-in-series model [Wang et al., 1998; Wesely, 1989] that includes uptake by leaf stomata and cuticles as a function of land cover type, leaf area index (LAI), stomatal resistance (function of temperature and light), water solubility (measured by the Henry's law constant), and chemical reactivity (measured by a "reactivity factor"). The reactivity factor of 10 −5 is assumed to match observed deposition velocities for Hg 0 , and references therein]. Specified Henry's law constants in GEOS-Chem are 1 × 10 6 M atm −1 for Hg(II) and 0.11 M atm −1 for Hg 0 [Lin et al., 2006] . The GEOS-Chem atmospheric chemistry simulation generally compares well to data , particularly for wet deposition over the United States .
[12] previously applied GEOS-Chem to reconstruct the global biogeochemical cycle of mercury for preindustrial (steady state) and present-day (taken as 2000) conditions. The total modeled mercury deposition to land (excluding perennially ice covered surfaces) is 1000 Mg yr −1 for preindustrial and 3300 Mg yr −1 for present day ( Figure 2 ).
[13] For input to GTMM, we need the temporal evolution of these deposition fluxes over the industrial period in order to track the time-dependent evolution of anthropogenic mercury in soil reservoirs. To our knowledge, the only available historical inventory of primary anthropogenic emissions over the industrial period is for North America [Pirrone et al., 1998 ]. We assume that the Pirrone et al. [1998] relative trend of anthropogenic emissions applies globally and further assume that the present-day speciation of emissions in GEOS-Chem [from Pacyna et al., 2006] applies to the historical record ( Figure 3 ). This is clearly an oversimplification, but it serves our purpose of exploring the time-dependent legacy of anthropogenic mercury in soils in a general sense.
[14] We conduct GEOS-Chem simulations to calculate mercury deposition fluxes for six historical points along that record: 1840, 1905, 1925, 1941, 1970, and 2000. 1840 and 2000 are taken as the preindustrial and present-day conditions. For each point, we conduct 3 year GEOS-Chem simulations with 2000-2002 meteorology (to smooth out interannual variability), preceded by a 3 year initialization to allow fast equilibration of the atmosphere, surface ocean, and vegetation . Secondary anthropogenic emission from soils in GEOS-Chem is assumed to follow the trend of cumulative anthropogenic emissions in Figure 3 , applied as scaling factors to the 2000 simulation. We use the same meteorology for all historical points so that differences . Mercury enters organic soils by either leaf senescence or washoff and wet deposition of Hg(II) (green arrows). Soils emit mercury to the atmosphere via revolatilization, photoreduction, and respiration (red arrows).
between points are solely driven by anthropogenic emissions. We fit splines to the archived speciated fluxes from GEOSChem to generate a continuous record of speciated monthly deposition to land from 1840 to 2000 and regrid the fluxes 1°× 1°resolution for input to GTMM. The total cumulative global anthropogenic mercury emissions we estimate from 1840 to 2000 are 219,000 Mg.
[15] The CASA biogeochemical model uses a combination of assimilated meteorological data and remote sensing observations to predict the spatial and temporal distribution of net carbon fluxes in terrestrial ecosystems [Potter et al., 1993] . The net accumulation of carbon by plants globally or net primary production (NPP) is estimated as a function of solar radiation flux (s), the fraction of light absorbed by the plant canopy (FPAR), and the light use efficiency ("), which is a function of temperature (T ) and soil moisture (M) [Field et al., 1995 [Field et al., , 1998 ]:
For this analysis, we used the version of the CASA model developed by van der Werf et al. [2003, 2006] to calculate carbon fluxes and added mercury to the simulation. We used mean monthly estimates of s and T from the GEOS-4 assimilated meteorological data averaged for 2000-2002 on the 1°× 1°CASA grid. Soil moisture (M) is calculated within CASA as a function of soil texture, precipitation, and evapotranspiration [Potter et al., 1993] . FPAR is a function of leaf cover and is estimated from satellite remote sensing of the normalized difference vegetation index (NDVI) from SeaWiFs for 1997-2000, as described by Behrenfeld et al. [2001] .
[16] CASA calculates decomposition of litter and soil organic matter storage for the top 30 cm of soils as a function of temperature, soil moisture, soil texture, and C/N ratio (or litter quality). Temperature and precipitation are from the GEOS-4 assimilated meteorological data. Satellite-derived estimates of NDVI are used to drive the seasonality of leaf out, leaf senescence, and delivery of fine roots to litter pools [Randerson et al., 1996] .
[17] The soil carbon dynamics in CASA are based on the CENTURY model [Parton et al., 1987] , which tracks carbon pools based on their characteristic turnover time rather than their physical location in the soil profile [Potter et al., 1993] . There are four major classes of soil carbon pools including fast turnover, intermediate turnover, slow turnover, and armored pools (Figure 1) . In each time step, CASA estimates the transfer of carbon between pools and the fluxes of carbon to the atmosphere from decomposition. The version of CASA we are using [van der Werf et al., 2003 ] also simulates carbon emissions from biomass burning, but the soil burning schemes have not been optimized, so for this study, we have not directly estimated mercury fluxes from soil combustion.
Mercury Soil Accumulation and Reemission Processes
[18] Field measurements show that leaves accumulate mercury over the growing season [Rea et al., 2002; Stamenkovic and Gustin, 2009] and laboratory enrichment experiments show that nearly all of the mercury in leaves is derived from the atmosphere and not from soils [Ericksen et al., 2003; Gustin et al., 2004] . Deposited mercury can be permanently fixed into leaf tissue [Ericksen et al., 2003; Ericksen and Gustin, 2004; Millhollen et al., 2006; Graydon et al., 2009] , and this mercury remains in leaves until the end of the growing season when they are shed to the soil surface.
[19] We assume that some fraction of mercury from dry deposition is permanently fixed by leaves ( f fixed ), and we use measurements of mercury accumulation in leaves over a growing season at Lake Huron Watershed in Michigan [Rea et al., 2002] to parameterize f fixed as a function of leaf area index (LAI) assuming no wet deposition contribution to leaf mercury: 
In this case, total mercury fixed by leaves is equal to the product of f fixed and the total Hg 0 and Hg(II) dry deposition. Figure 4 compares the resulting modeled and observed Hg/C content of leaves at the site over the course of the growing season. The model overestimates the initial buildup but reproduces the observed accumulation at the end of the growing season, which determines the litter flux. Although this may be an oversimplification of the leaf-scale processes that drive mercury accumulation over the growing season, parameterizing leaf uptake as a function of LAI gives us the flexibility to model this process with respect to a parameter that is easily measured in the field.
[20] Unbound elemental mercury does not significantly contribute to the total mercury found in background soils [Skyllberg et al., 2000; Friedli et al., 2007] , so in our model all dry deposition of Hg 0 that is not permanently incorporated into leaf tissue is revolatilized to the atmosphere (hereafter referred to as revolatilization). Both dry and wet deposition of Hg(II) to leaf and soil surfaces are subject to photoreduction (if not permanently fixed by leaves), and we parameterize this flux (hereafter referred to as photoreduction) as a function of light intensity based on data reported by Rolfhus and Fitzgerald [2004] ,
where f photoreduction is the fraction of Hg(II) deposited to leaf and soil surfaces that is reemitted to the atmosphere and s is the solar radiation flux (W m −2 ). The remaining dry deposition of Hg(II) (minus leaf uptake and photoreduction) resides in the surface leaf/soil pool and is washed off in precipitation events (Figure 1 ). This is equivalent to the throughfall flux measured in field experiments.
[21] We assume that Hg(II) delivered to soils by wet deposition and washoff from vegetation and soil surfaces binds to organic material with a limit set by the local carbon pool size. We calculate that there are 1.2 × 10 −4 M reduced sulfur groups available for Hg(II) binding per gram carbon in soils [Qian et al., 2002] and that wet deposited Hg(II) binds to each soil organic matter pool with equal affinity [Skyllberg et al., 2003] . This amounts to a maximum storage of 2.4 × 10 −2 g Hg/g C. We find that the supply of binding sites for mercury is generally not a limiting factor for mercury incorporation in the soil.
[22] The Hg/C ratio in soils reflects a balance between mercury binding to soil carbon and release when this carbon decomposes. We assume that during decomposition, mercury associated with carbon can either be reduced to Hg 0 or remain attached to the pool. The fraction of mercury released as Hg 0 is f decomp . We used Hg/C soil measurements along transects in the United States [Smith et al., 2005] to constrain f decomp in the model. To estimate soil Hg/C content, we ran the soil model to equilibrium with preindustrial speciated mercury deposition fields. Once the soil model reached equilibrium (∼30,000 years), we ramped up emissions as described above using monthly deposition estimates from 1840 to 2000. The Smith et al. [2005] soil transects found a mean ratio of 3 × 10 −7 g Hg/g C in the organic horizon of soils, and we find that f decomp = 0.16 provides the best match to the observed soil Hg/C ratios.
Results and Discussion
[23] From the above-described preindustrial equilibrium simulation, we find that the preindustrial steady state content of organically bound mercury in soils was 200,000 Mg globally. This is lower than total soil mercury estimates, which are ∼1,000,000 Mg mercury [Mason and Sheu, 2002; Sunderland and Mason, 2007] , reflecting the dominance of the mineral component of soil in the mercury budget. The global distribution of soil mercury storage and emissions for both preindustrial and present-day simulations is shown in Figure 5 . The relatively low soil mercury concentrations in boreal and arctic ecosystems are driven by extremely low deposition (Table 1) . The high soil concentrations in desert ecosystems are driven by a combination of higher deposition and extremely slow mercury turnover (Table 1) . Preindustrial soil emissions balance deposition of mercury to the soil surface by assumption of steady state. The total soil emission of 1000 Mg yr −1 is composed of 370 Mg yr −1 from revolatilization, 320 Mg yr −1 from respiration, and 310 Mg yr −1 from photoreduction ( Figure 1 ). We assume that the carbon cycle has remained in steady state over the industrial period.
[24] At steady state, mercury is concentrated in the most recalcitrant (armored) pool (90%), followed by the slow pool (9%), the fast pool (1%), and the intermediate pool (0.5%) (Figure 6 ). Our assumption that mercury binds to all soil pools with equal affinity, combined with f decomp much less than 1, leads to the accumulation of mercury in the most recalcitrant pools. Field and laboratory experiments in the aquatic environment show little preference between carbon classes in mercury binding efficiency [Skyllberg et al., 2003] , and reduced sulfur binding sites available for Hg(II) are far in excess of background mercury concentrations [Qian et al., 2002] , so we have some confidence in our assumption. Obrist et al. [2009] report that the ratio of Hg/C in organic Figure 5 . Soil storage and emissions of mercury in soils simulated by the model for preindustrial and present-day conditions. The anthropogenic enrichment computed as the difference between the two. soils increases through the stages of decomposition in four Sierra Nevada forest sites, which they suggest could be due to either a low fraction of mercury emitted during decomposition or continued addition of mercury to soil pools through their stages of decomposition, both of which are consistent with our model. Although we have assumed that f decomp = 0.16 for all cases, future field and laboratory experiments will likely show that it varies with carbon pool, biome, and/or environmental conditions.
[25] Although mercury is concentrated in the most recalcitrant soil pools, respiration emissions at steady state are driven by the more labile pools (Figure 6 ). In our simulation, we find that anthropogenic emissions of mercury have increased organically bound mercury in soils to 240,000 Mg (20%) by the year 2000 ( Figure 5 ). Organic soils have therefore stored ∼ 20% of anthropogenic mercury emissions since 1840. In the present-day scenario, soil emissions nearly triple to 2900 Mg yr −1
. Mason and Sheu [2002] previously estimated that soil mercury storage increased by 86,000 Mg and emissions increased by 800 Mg from preindustrial to the present day. They found that terrestrial emissions have approximately doubled, whereas we find that they have tripled.
[26] Our model suggests that the largest mass changes since preindustrial times have occurred in the slow cycling carbon pool ( Figure 6 ) and the largest relative increase in mercury content occurred in the fast pool (Figure 7) , which saw a factor of 2.9 increase in mercury content from 1840 to 2000. This was followed by the intermediate pool (2.1), slow pool (1.7), and armored pool (1.1). This implies that the local impact of anthropogenic mercury loading on soil emissions and storage will depend heavily on the carbon-cycling rate and is driven by our assumption that mercury binds to all soil pools with equal affinity. If, however, future field or laboratory experiments show that mercury binds preferentially to younger (or older) soil pools, these conclusions will need to be reevaluated. By the year 2000, secondary emissions of anthropogenic mercury are 1900 Mg yr −1 (Figure 3 ). The ratio of secondary to primary anthropogenic emissions decreases over time (Figure 3) , reflecting the transfer of anthropogenic mercury to longer-lived carbon pools.
[27] Emissions of mercury by photoreduction and revolatilization respond instantaneously to changes in deposition and, hence, to primary anthropogenic emissions, which level off after 1970 (Figure 8 ). The respiration flux responds much Gray shading represents the trajectory of the anthropogenic enrichment factor in soils given a continuation of deposition at 2000 levels (solid lines). Dotted lines show the decay of the anthropogenic enrichment factor for mercury stored in soils at the present day. This suggests that emissions reductions would lead to immediate and large decreases in the anthropogenic enrichment factor in the most labile pools. Increases in emissions (not shown) would lead to an increase in the anthropogenic enrichment factor for all pools.
more slowly and continues to increase at a relatively constant rate after 1970. In the present-day scenario, total mercury deposition to the land surface is 3254 Mg yr −1 and total soil mercury emissions are 2900 Mg yr −1 .
[28] We find that the anthropogenic mercury perturbation to the steady state preindustrial simulation decreases the total lifetime of mercury in soils from a mean of 631 to 323 years ( Figure 9 ) and that anthropogenic mercury in the present day has a mean lifetime of 80 years. We see that the lifetime of mercury with respect to respiration is longest in tundra and desert ecosystems, where respiration is very low, and shortest in tropical and temperate ecosystems (Table 1) . Tropical and temperate lifetimes are similar despite the faster carbon turnover in tropical systems due to the relative balance between mercury supplied by wet deposition versus leaf uptake. In our simulation, mercury supplied by wet deposition (which dominates in tropical systems) has a longer relative lifetime because we assume that it binds to all carbon pools, whereas mercury incorporated into leaf tissue has a shorter lifetime because it is transferred directly to the fast pool and follows the same trajectory as carbon entering via leaves.
[29] The legacy of anthropogenic mercury presently stored in soils, and the potential response to emissions reductions can be examined in an idealized simulation shutting off anthropogenic mercury deposition (return to preindustrial deposition) immediately after the present day. Over time, as anthropogenic mercury is removed preferentially from the most labile pools (shaded region, Figure 7) , we see a decrease in soil storage ( Figure 10a ) and a rapid decrease in soil mercury emissions (Figure 10b ). Because soil emissions are primarily driven by mercury contained in the most labile pools (Figure 6 ), as anthropogenic mercury is transferred to the more long-lived pools emissions decrease rapidly, and are composed of only respiration emissions after the first year (shaded region, Figure 8 ). This translates into a lengthening of the lifetime of anthropogenic mercury in soils over time (Figure 10c ). This simplistic experiment suggests that anthro- Figure 8 . Secondary anthropogenic emissions of mercury by mechanism for preindustrial through present day (2000) . Gray shading represents the trajectory of emissions given constant deposition (solid lines) and shows the decay of emissions for mercury stored in soils at the present day (dotted lines). Figure 9 . Lifetime of soil mercury with respect to respiration emissions for the preindustrial and presentday scenarios. The mean lifetime of the anthropogenic mercury enrichment in all pools for the present-day scenario is 80 years. pogenic emissions reductions would lead to immediate and large reductions in mercury concentrations in the most labile pools and reductions in emissions from soils.
[30] The limitations of this type of large-scale modeling approach are numerous. Operating at a 1°× 1°grid scale allows us to evaluate the model globally across all biomes, but the subgrid scale variability that is important for both mercury and carbon cycling cannot be captured. The CASA model has been broadly applied to estimate global carbon fluxes and generally performs well [Malmstrom et al., 1997; Cramer et al., 1999; Ruimy et al., 1999] . Small-scale soil characteristics such as redox potential are not resolved by CASA, and there is no mechanism for tracking the physical depth of carbon/mercury stored in soil, which is an important parameter, particularly for fires [Carrasco et al., 2006; Turetsky et al., 2006] . Additionally, the even larger grid scale (4°× 5°) for mercury deposition estimates precludes us from realistically simulating ecosystem level mercury fluxes at a finer resolution. This type of model is useful, however, to evaluate the conceptual implications of considering soil mercury cycling in the context of soil carbon cycling, to evaluate the terrestrial mercury cycle in that framework, and to suggest possible avenues of future research that will help to more tightly constrain the parameters we have used. This framework can be applied to mercury modeling at multiple scales in the future (i.e., from site level to watershed to global) and should be a useful analogue for mercury cycling in aquatic systems.
[31] Our simulation is particularly sensitive to the parameters f fixed , f photoreduction , and f decomp and our assumption that Hg(II) binds with equal affinity to soil carbon pools of all ages. None of these parameters are well constrained with existing data, but this model was specifically constructed with parameters that could be measured in the field. We hope that in the future, more field and laboratory experiments can refine these parameterizations (or suggest new ones) and improve the simulation. We did not include error bar estimates in this analysis due to the lack of strong constraints on our parameters. Of primary importance is to determine whether mercury in soils binds to all soil pools with equal affinity, which we assume here. If, for example, mercury binds with a higher affinity to more labile pools, the distribution of mercury in soils will more closely resemble that of carbon and the lifetime will be shorter.
[32] Because we have not taken fire into account in this model, the lifetime of mercury in soils for fireprone areas is an upper estimate. Friedli et al. [2009] estimated that annual mercury emissions from fires are 675 ± 240 Mg over the period [1997] [1998] [1999] [2000] [2001] [2002] [2003] [2004] [2005] [2006] , with the largest emissions occurring in tropical and boreal Asia. They highlight the possibility that increasing temperatures in boreal regions may significantly increase emissions of mercury from biomass burning, which would also lead to a decrease in the lifetime. Any disturbance, such as fire or land use change, that reduces the carbon lifetime in soils will correspondingly reduce the lifetime (and storage) of mercury in soils. Despite the limitations listed here, this model is an important conceptual step forward in understanding the terrestrial mercury cycle.
Conclusions
[33] The goal of this paper was to explore the implications of considering soil mercury cycling in the framework of soil carbon cycling, and here we present a model that accounts for the mechanistic cycling and fluxes of mercury within terrestrial ecosystems and exchange with the atmosphere. Here we used the connection between mercury and soil organic carbon to combine a model of ecosystem carbon fluxes (CASA) with a global model of speciated mercury deposition (GEOS-Chem). This approach allowed us to describe the lifetime and turnover of mercury in soils based on the lifetime and turnover of the soil carbon pool to which it is bound. Developing a process-based model that tracks mercury dynamics in terrestrial systems improves our ability to describe present-day mercury cycling and allows us to make predictions about the response of terrestrial mercury cycling to future climate and land use change. Our model suggests that organically bound mercury in preindustrial soils was 200,000 Mg, and that there has been a 20% increase in organically bound soil mercury (to 240,000 Mg) from preindustrial steady state conditions to the present day. Figure 10 . Decay of soil storage and emissions of anthropogenic mercury in a simulation assuming no anthropogenic deposition (return to preindustrial deposition) after the year 2000. The evolution of the lifetime of anthropogenic mercury in soil is also shown.
[34] Fractionally, the most labile organically bound mercury pools have been more heavily impacted by anthropogenic mercury emissions than more recalcitrant pools. This implies that the present-day lifetime of anthropogenic mercury in soils is shorter than that of natural mercury (80 years versus 631 years) because it is a transient perturbation that has not yet reached steady state. Emissions from the most labile pool account for ∼40% of the total soil mercury emissions to the atmosphere in the present-day scenario and are nearly triple their preindustrial value. Because this pool is in rapid equilibration with the atmosphere, decreases in deposition will lead to rapid decreases in the storage and emissions of mercury from the most labile pools, leading to an increase in the lifetime of anthropogenic mercury as it is transferred to more recalcitrant pools. Although the bulk soil mercury pool will be slow to respond in terms of mass (Figure 7) , reductions in anthropogenic mercury emissions will target the most labile pools and will lead to rapid reductions in soil mercury emissions. Because the most labile pools are preferentially decomposed and methylated (Moreau et al., in preparation) , reductions in anthropogenic mercury emissions should have an immediate effect on both soil emission rates and ecosystem level methylation rates.
[35] The rate of carbon cycling in an ecosystem will be an important driver of the long-term evolution of anthropogenically derived mercury pollution. Additionally, changing the carbon cycling rate of an area through land use, disturbance, or climate change will alter the lifetime of mercury in soils. Any process that results in rapid carbon loss (such as fire, or transition from saturated to unsaturated conditions) will lead to rapid mercury loss as well. The potential for climate change to significantly increase soil mercury emissions via increased respiration or soil burning is clear. The modeling framework presented here is a useful tool for evaluating the temporal and spatial evolution of mercury storage and emissions. The association between soil organic carbon and soil mercury storage provides a powerful framework to evaluate terrestrial mercury cycling.
